A set of biochemical and histological responses was measured in wild gudgeon collected upstream and downstream of urban and pharmaceutical manufacture effluents.
Introduction
Recent evidence shows that aquatic ecosystems are contaminated by human and veterinary pharmaceuticals. Indeed, numerous studies reported the quantification of different active pharmaceutical ingredients (APIs) in a variety of environmental matrices including surface water, ground water, effluents and sediments but also biota (Halling-Sorensen et al., 1998; Togola and Budzinski, 2008; Rabiet et al., 2006) . The introduction of APIs in aquatic ecosystems comes from various sources. Among them, effluents of waste water treatment plants (Matamoros et al., 2009; Tamtam et al., 2008; Santos et al., 2009 ) and hospitals (Brown et al., 2006; Kümmerer, 2001 ) are considered as major sources of such contamination. During many years, drug manufacturers were considered as negligible contributors due to good manufacturing practice regulations and high economic value of APIs (Kümmerer, 2009) . A recent study analyzed pharmaceuticals in the effluent from an Indian wastewater treatment plant serving drug manufacturers and revealed a large occurrence of APIs. From among 59 screened pharmaceuticals, 11 of them were detected at a concentration up to 100 µg/L (Larsson et al., 2007) . Other investigations performed around the world on effluents from pharmaceutical factories confirmed this result and provided data on surface water contamination induced by these effluents. Indeed, a large variety of pharmaceutical classes such as antibiotics, anti-inflammatory, opioids, muscle relaxants, were encountered in effluents and also in receiving aquatic ecosystems at concentrations between ng/L and mg/L (Yu-Chen Lin and Tsai, 2009; Phillips et al., 2010; Sim et al., 2011) .
In aquatic ecosystems discharged APIs induce adverse effects in living organisms including fish (for review see : Fent et al., 2006; Gagné and Blaise, 2004) . APIs can 4 interfere with a wide range of physiological functions such as xenobiotic biotransformation (Laville et al., 2004) , reactive oxygen species regulation (Pagano et al., 2001) , hormone synthesis (Mimeault et al., 2005) or reproduction (Nash et al., 2004) . A recent 7-year experiment based on chronic exposure of fathead minnow (Pimephales promelas) to low concentrations of the estrogenic pharmaceutical ethynylestradiol, a component of the contraceptive pill, provided evidence that these chemicals can impact the sustainability of wild fish populations (Kidd et al., 2007) .
However, to our knowledge, no data is available related to impact of pharmaceutical manufacture discharges on downstream aquatic ecosystems.
The present study of individual and populational effects in gudgeons living in this aquatic ecosystem subjected to a pharmaceutical factory discharge began as a consequence of angler's observations reporting morphological fish abnormalities such as abdominal swelling associated to gonad hypertrophy in wild gudgeons (Gobio gobio; Figure 1 ) living downstream from an industrial effluent. To assess biochemical effects, biomarkers including VTG as endocrine disruption end-point, biotransformation enzymes (7-ethoxyresorufin-O-deethylase (EROD), cytochrome P450 3A (CYP3A) and glutathione-S-transferase (GST) activities), together with acetylcholinesterase (AChE) and lysozyme activities respectively as neurotoxicity and immunotoxicity biomarkers was measured. In this context, biomarkers can be considered as an appropriate tool to integrate the effects of effluent on fish (Sanchez and Porcher, 2009 (Blazer, 2002) . To complete the assessment of individual effects, fish assemblage was characterized to identify potential disturbance of fish populations.
Materials and methods

Sampling sites and fish collection
This study was performed in the Dore river (Puy de Dôme, France). Investigated area is a transitory part between trout and grayling Huet's zonation (Huet, 1949) , subjected to industrial and urban pressures corresponding to a pharmaceutical factory producing mainly steroid compounds but also to urban wastewater treatment plant (WWTP) effluents. Three sampling sites were then selected to assess the effects of industrial effluent (Table 1) . The site A is located downstream from a medium size city and is submitted to an urban pollution due to the WWTP effluent (capacity = 8100 population equivalent, annual mean flow = 2550 m 3 /j) of this town. However, this site A is also located upstream from the industrial effluent and is considered as a control site for this study. The site B where abnormal features were previously observed in wild gudgeons 
Fish collection and tissue sampling
After capture, external examination of fish was quickly performed and the occurrence of lesion, parasites and other external features was noted. The fish were weighed, measured to calculate the Fulton's condition factor (CF=fish weight/fish length 3 ; Heincke, 1908) and immediately sacrificed by a blow over the head. Blood was removed directly from the caudal vein by means of a heparinised syringe. The blood was centrifuged at 3 000 g, 4°C for 10 min. The plasma was stored at -80°C until VTG analysis. Liver, head kidney and muscle were rapidly dissected, weighed and frozen in liquid nitrogen prior to homogenisation and biochemical analysis. Gonads were removed, weighted for gonad somatic index calculation (GSI= gonad weight/fish weight)x100) and fixed in Bouin's solution and stored in ethanol for histological analysis and gender determination.
Biochemical analysis
Circulating VTG concentration in males was measured using a competitive ELISA.
Briefly, Gudgeon-VTG purified according the method developed by Brion et al. (2000) was coated in Nunc Maxisorp microtiter plates (Nunc Roskilde, Denmark) at 50 ng/mL in 0.05 M carbonate-bicarbonate (pH 9.6). Standards and plasma samples were preincubated with the primary antibody raised against Chub-VTG (Covalab, Lyon, France) at a final dilution of 1:5,000. Standard of Gudgeon-VTG was serially diluted with a factor two ranging from 0 to 3,000 ng/mL, and plasma samples were serially diluted five times with a factor of three with an initial dilution of 1:10. Pre-coated 7 ELISA microplates were incubated with preincubated primary antibody solution with standards or samples and then with secondary antibody (horseraddish peroxidase goat anti-rabbit IgG diluted 1:2,000 in PBS, 1% BSA). The peroxidase activity was revealed at 450 nm by adding 100 µl of tetramethylbenzidine enzyme substrate (Kirkegaard and Perry Laboratories, Gaithersburg, MD, USA) and stopping by addition of 50 µl of 1 M phosphoric acid (H 3 PO 4 ).
Livers were homogenised in ice-cold phosphate buffer (100 mM, pH 7.8) with 20% glycerol and 0.2 mM phenylmethylsulfonyl fluoride as a serine protease inhibitor. The homogenates were centrifuged at 10,000 g, 4°C, for 15 min and the postmitochondrial fractions were used for biochemical assays. Total protein concentrations were determined using the method of Bradford (1976) As with the liver, all muscle samples were homogenised, centrifuged to obtain the postmitochondrial fraction and total protein concentrations were determined. AChE activity was measured in muscle according the method developed by Ellman et al. (1961) adapted in a 96-well microplate.
Head kidneys were homogenised in potassium/phosphate buffer saline (KH 2 PO 4 /K 2 HPO 4 , 0.1 M, pH 6.2 ; Sigma-Aldrich Chemicals, France). Homogenates were centrifuged at 3,450 g for 30 min at 4 °C. The lysozyme activity was determined only in plasma samples of fish caught in 2008, by the turbidimetric assay firstly described by Studnicka et al. (1986) and adapted in microplate.
Histological analysis
After fixation of gonads in Bouin, three pieces of the gonad were dehydrated through a series of graded ethanol, cleared with toluene and embedded in paraffin. Sections were 7 µm thick, stained with haematoxylin-eosin-saffron, and observed under optical microscope to determine fish gender and gonad abnormalities. To complete this analysis, three other sections of gonad were simultaneously stained with haematoxylinphloxin-light green in order to address the occurrence of yolk in oocytes.
Fish assemblage analysis
To assess disturbances of fish assemblage in the three investigated sites, sounding of all area with a depth below 1 meter was performed in August 2009, using portable electrofish material (Martin-Pêcheur, Dream Electronic). Fish species composition, specific richness and abundance were evaluated through several metrics such as number of total fish species, number of total fish for each species, fish length and total density of fish assemblage.
Statistical analysis
The CF, GSI and biomarker data are reported as mean ± standard deviation. The SPSS 15.0 software was used for statistical analysis. Normal distribution and homoscedasticity of data were verified using Kolmogorov-Smirnov and Levene tests respectively ( =0.05). Since data sets did not have a normal distribution and/or homogeny of variance, the data was log-transformed, using F(x) = log(1+x), prior to parametric analysis. A two-way analysis of variance (ANOVA) was performed for each biomarker using sites and gender as factors to identify gender effect but no significant effect was recorded here. To determine the differences between biomarker responses measured in sampled sites, a one-way ANOVA followed by Sidak test ( =0.05) was performed. For VTG concentration, differences between sites were determined using a Kruskall-Wallis test followed by a Mann-Whitney test ( =0.05). Khi-2 test. Sex-ratio differences between investigated sites were analyzed by Fisher's test ( =0.05).
Results
External examination of gudgeons revealed several features (Table 2 ). Abdominal pink colorations that could be due to tissue inflammation were observed at both upstream and downstream of investigated sites confirming the lack of absolute reference site in this study. Several haemorrhages were also observed in fish from sites A and B. During %. To compare, GSI measured in all other collected fish were between 8.9 % for a maturing female and 0.4 % for a male. In spite of these features, no significant difference of CF was recorded between sites ( Table 2) .
Results of biomarker responses are presented in table 3 and measured profiles are quite similar for both investigated years. Except for circulating VTG, no significant difference was recorded between upstream and downstream sampling sites for all investigated biomarkers. However, comparison with reference data (Table 3) (Table 4) . More accurately, a decrease of sensitive fish species such as trout (Salmo trutta fario) and bullhead associated to presence of chub (Leuciscus cephalus), a resistant fish species was noticed in site B. Moreover, bullhead and gudgeon have almost disappeared in site C and an increase of stone loach (Barbatula barbatula), a fish species resistant to water quality degradation, was also observed.
Degradation of fish assemblage between upstream and downstream sites was confirmed by a decrease of fish density (Table 4 ; 301, 177 and 74 fish/938m 2 for sites A, B and C respectively).
Discussion
Numerous scientific studies address adverse effects induced by pollutants from effluents. Effects of wastewater treatment plant effluents are widely investigated particularly on reproductive function (Jobling et al., 1998 (Jobling et al., , 2002a . Several studies assess also impact of effluents from paper industry (Larsson and Forlin, 2002) , chemical industry (Olivares et al., 2010) , mining activities (Kelly and Janz, 2009) or hospital (Escher et al., 2011) . However, to our knowledge, no data is available on potential effects of pharmaceutical manufacture effluents on aquatic organisms living in collecting media. Hence, the aim of the present work was to assess individual and population effects downstream from discharge of pharmaceutical manufacture.
Measurement of a set of exposure biomarkers including biotransformation enzymes, neurotoxicity and immunotoxicity biomarkers revealed no impact of investigated pharmaceutical effluent on selected end-points. Indeed, no significant difference was observed between upstream (site A) and downstream (sites B and C; Table 3 ). However, biomarker responses suggested fish exposure to various pollutants in the studied area.
This hypothesis is supported i) by low level of EROD activity measured in gudgeons from various reference sites located in France and Switzerland (Flammarion et al., 1998; Faller et al., 2003) and ii) by biomarker responses of gudgeons from a reference site located in the Dore river upper area (Table 3) , 2001; Jobling et al., 1998 Jobling et al., , 2002a . In France, a recent study reported adverse reproductive effects including male VTG induction and aromatase activity inhibition associated to an arrest of the gonadal development in wild male and female chubs (Leuciscus cephalus; Hinfray et al., 2010 ) living a small stream (i.e. the Jalle d'Eysines river) contaminated by steroidal estrogens (Labadie and Budzinski, 2005) .
In the present work, response profile of VTG was characterized by an induction in fish from downstream sites (sites B and C) and argued for an estrogenic effect in gudgeons 13 exposed to both pharmaceutical manufacture and urban WWTP effluents. In the same locations, gudgeon population exhibited sex-ratio disturbances but the observed profile seems to be atypical (Figure 4) . Indeed, numerous studies assessing endocrine disruption effects in fish living downstream effluents such as WWTP, reported VTG induction associated to feminization of fish (Van Aerle et al., 2001) . In upstream site, intersex occurrence was up to 1 % described as the basal incidence of intersexuality in a captive stock of gudgeons (Kestemont, 1987) indicating that fish from this site are probably exposed to feminizing chemicals. Moreover, our results revealed in downstream sites a strong increase of intersex fish associated to a decrease of females in both downstream sites suggesting masculinization of gudgeon population. In addition to intersex observation, 5 % of female and intersex gudgeons from sites located downstream from pharmaceutical manufacture discharge were characterized by the presence of oocytes with more than one nucleus suggesting that chemicals have impaired cell division (Minier et al., 2000) .
Results observed in the present work could be related to the presence of several APIs in the river. Indeed, by using a panel of in vitro assays applied to polar organic chemical integrative samplers (POCIS) deployed in the investigated area, Creusot et al. (in prep.) reported high activities linked to pregnage X receptor (PXR), androgen receptor (AR) but also progesterone, glucocorticoid and mineralocorticoid receptors (PR, GR and MR respectively) but no significant estrogenic activity in sites located downstream from the industrial effluent. Chemical analysis performed in POCIS extracts revealed high concentrations of dexamethasone, spironolactone and canrenone but also erythromycin and roxithromycin (Creusot et al., in prep.) . Only few data reporting sex determination disturbances due to these chemicals is available. Howell et al. (1994) reported 14 paradoxical masculinization of female western mosquitofish (Gambusia affinis) exposed to spironolactone. More recently, a study performed in pejerrey (Odontesthes bonariensis) showed complete masculinization of fish fed with dexamethasone or cortisol contaminated diets and confirms that GR agonists can disrupt sex differenciation in fish (Hattori et al., 2009) . Few data related to the effects of synthetic gestagens on reproductive function of fish is also available but adult fathead minnow In this study, biochemical and histological changes were associated to fish population disturbance characterized by a decrease of fish density and a lack of sensitive fish species in downstream sites (Table 3) . Few studies reported a relationship between individual and population effects and to our knowledge, only estrogenic effects are investigated in this context. Recent studies demonstrate, in roach (Rutilus rutilus), an adverse effect of male intersex on reproductive performance characterized by a decrease of spermatozoid number and a decrease of fertilization rate associated to an effect on parentage outcome in the investigated population (Jobling et al., 2002b; Harris et al., 2011) and support the observation of Kidd et al. (2007) reporting a collapse of fish population in a lake experimentally contaminated by synthetic estrogen ethynylestradiol. These results support the hypothesis that intersexuality is critical for the reproductive success of fish. No similar data is available in fish population exhibiting masculinization phenomenon. Population viability analysis performed in male-biased eelpout (Zoarces viviparus) population living downstream pulp mill effluents (Larsson and Forlin, 2002) , using a female-based matrix population model reported a risk of total pseudo extinction for the 20 and 50-year time horizons in populations with respectively 4 % and 13 % female fry (Hanson et al., 2005) . This data cannot be strictly transposed to gudgeon populations investigated here but indicates that resident fish populations could disappear due to sex ratio disturbances and fish persistence could be linked to downstream migration.
Conclusions
This study was designed to assess individual and population effects induced by mixture of urban WWTP and pharmaceutical manufacture discharges in wild fish. methodology. The present work shows also that effluents can be discharged in polluted environment and effects measured at downstream sites cannot be ascribed to a specific effluent but to a mixture of pollutant sources. Also, the deployment of an effect-directed analysis could be considered as a valuable approach to identify sources involved in the observed adverse effects.
iii) policy decisions related to environmental protection and fishery resource conservation. Indeed, a recent modelisation study performed on wild intersex roach populations suggested that combination between intersexuality and selective fishing practice increases the extinction risk of fish species in local population ). 
